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Potential Recolonization Benefits of Retention 
Forestry Practices
Craig Loehle , Kevin A. Solarik , Daniel U. Greene, Laura Six,  and Darren J.H. Sleep

Tree retention after forest harvest is often used to enhance biodiversity in forests that are otherwise managed using even-aged systems. It remains unclear to what extent 
scattered trees and residual patches (i.e., retained structures) actually facilitate recolonization of species in logged areas. For assessing recolonization benefits, it is necessary 
to consider both survival in retained structures postharvest and recolonization in cleared areas. We conducted a literature review to assess recolonization responses of birds, 
mammals, reptiles, amphibians, vascular plants, invertebrates, lichens/bryophytes, and mycorrhizal fungi. The clearest benefits of retention were for poorly dispersing plants. 
Seed dispersal type may be a key life-history trait relative to effectiveness of recolonization, with animal-dispersed seeds having the greatest dispersal range. We found that 
lichens/bryophytes are likely not dispersal limited (with possible exceptions) but are slow growing and require the development of moist microsite conditions. Significant 
literature gaps exist for amphibians, nonvolant invertebrates, and mycorrhizal fungi. Overall, recolonization success postharvest is taxon specific, where the benefits of 
implementing retention systems will depend on the region and species within that region. Species that require a long growth period (some lichens) or are poor dispersers (some 
herbaceous species) may benefit more from the creation of forest reserves than from retention practices.
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Tree retention to help conserve biodiversity is a widespread 
practice in forestry (Lindenmayer et  al. 2012). These 
practices were initially suggested as a means to emulate 

natural disturbances (e.g., Seymour et  al. 2002). Because these 
practices, especially clearcuts with scattered trees and small tree 
patches, do not emulate natural disturbances very precisely in either 
type or scale, it is not obvious that they achieve desired conserva-
tion goals. For example, a timber harvest is not strictly comparable 
to fire, windthrow, or insect disturbances. Retained patches may 
not match the size or environmental conditions (e.g., sheltered and/
or wet) of patches left after a natural disturbance. Thus, we cannot 
assume a priori that these practices will benefit all taxa of concern. 
For a species to benefit from the postharvest environment, it must 
be able to persist in retained patches and recolonize the surrounding 
or adjacent clearcut by either propagules or dispersers. We are not 
concerned here with high levels of retention because in those cases, 
recolonization may not be an issue.

The benefits of retention practices have been evaluated by nu-
merous researchers in terms of similarity to natural disturbances, 

retention of snags and down wood, persistence of species in the 
retained patch, and biodiversity of a harvested unit (with reten-
tion) (e.g., Swanson and Franklin 1992, Hunter and Bond 2001, 
Spence 2001, Franklin et al. 2002, 2018, Mitchell and Beese 2002, 
Gustafsson et al. 2012, Lindenmayer et al. 2012, Fedrowitz et al. 
2014, Baker et  al. 2015). Many studies have attempted to eval-
uate biodiversity responses to structural retention (e.g., McDonald 
1995, Roy et al. 1995, Carey 2003, Rempel 2007, Rosenvald and 
Lõhmus 2008, Parrish et al. 2017). However, the issue of recolo-
nization is also critical and has received little attention. The time 
between timber harvests (20–60 years) may be much shorter than 
a particular forest’s natural disturbance regime interval. This may 
cause poorly dispersing species to be gradually lost from a system if 
they do not tolerate an open canopy condition (e.g., Matlack and 
Monde 2004, Matlack 2005). This may, in turn, alter ecosystem 
structure and function. Although it seems logical that retained 
tree patches or isolated trees could provide a source for recoloni-
zation (a lifeboat function) of the cut stand with shorter dispersal 
distances (Figure  1), retained structures are subject to enhanced 
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tree mortality and edge effects (e.g., Solarik et  al. 2012, Bezzola 
and Coxson 2020). They may also be too small for persistence of 
some species. Ultimately, this is an empirical question that is the 
goal of our study: Do retention structures enhance recolonization 
of harvested stands by acting as lifeboats? Our focus is on tem-
perate and boreal forests where retention practices have been well 
studied.

Individual trees or patches retained at the time of harvest might 
serve a critical role as lifeboats, particularly for dispersal-limited 
species that would otherwise be unable to recolonize postharvest 
(Baker et al. 2015). If a species is highly mobile and can recolonize 
a disturbed area as soon as conditions are favorable, a lifeboat may 
not be needed. As we discuss lifeboating, we are not referring to 
only short-term benefits (i.e., whether the species persists in the 
retained structures), but rather whether there is a lifeboating func-
tion that helps a species recolonize adjacent areas where forest har-
vest has occurred. For example, Fedrowitz et al. (2014) conducted 
a meta-analysis of retention studies, where they considered benefits 
to biodiversity mostly in the short term (less than or equal to five 
years). Using this approach, a species that remained in unharvested 
patches and did not recolonize a harvested area was still considered 
a biodiversity benefit. In this review, however, we are interested in 
documenting the value of retention structures for recolonization 
over longer time periods. Retained structures in a recent clearcut 

within which species persist and from which they can recolonize 
a site could theoretically provide a benefit by reducing dispersal 
distances (Figure  1; also Solarik et  al. 2010, Baker et  al. 2015). 
Persistence in retained structures is necessary to facilitate recoloni-
zation. Lifeboats may be particularly beneficial if harvested areas are 
large relative to organism dispersal and/or much of the landscape 
will be disturbed after prolonged management.

Responses to different patterns and levels of retention vary by 
species and region (Rosenvald and Lõhmus 2008, Fedrowitz et al. 
2014). Because of their mobility, many species of birds, mammals, 
and reptiles can likely easily recolonize harvested stands. Mobile 
species such as birds or bats that use snags or large trees may ben-
efit from retention but our specific interest here is recolonization 
of the cleared portion, not the benefit of large trees or snags, which 
are well documented (see above references). Among amphibians, 
salamanders have low dispersal capabilities because of their small 
home ranges and intolerance of desiccation. Many arthropods can 
disperse long distances (Edwards 1986, Greenstone et  al. 1987, 
Den Boer 1990, Work et al. 2004) and exhibit a rapid response to 
natural and anthropogenic disturbance (Pinzon et  al. 2012, 2016, 
Lee et  al. 2017). Such species would not be likely to depend on 
lifeboats. Other less-mobile invertebrates (e.g., worms, snails) may 
not colonize as well and warrant further examination. Vascular plants 
with poor dispersal capacity and lacking a suitable seedbank may 
benefit from retention patches, whereas plants requiring a disturbed 
microsite (e.g., exposed mineral soil) would benefit from soil dis-
turbance from harvesting (e.g., Solarik et al. 2010). Finally, some 
concern has been expressed about recolonization of bryophytes, 
lichens, and mycorrhizal fungi, the latter being a critical symbiont 
for many tree species. Together, these less-mobile species make up 
a large portion of the biodiversity in forest ecosystems, including 
many rare species, and affect nutrient cycling. Our goal then is to 
evaluate the benefits of retention practices specifically for recoloni-
zation of harvested forest areas for less-mobile taxa that are nega-
tively affected by logging.

Methods
Our literature review focused on recolonization of forest 

openings created by timber harvest. We define recolonization as the 
dispersal into logged areas of individuals or propagules of species lost 
following clearcut logging such that a population is reestablished 
before the next harvest. We are therefore not considering large re-
tention patches, which may not be economically feasible and 
verge on a reserve system. We also do not consider high levels of 
dispersed retention (e.g., >15% of original basal area), which may 
not be suitable for regeneration of many tree species being managed. 
Our focus was on lichens and bryophytes, mature forest vascular 
plants (generally shade tolerant), mycorrhizal fungi (essential to tree 
growth), amphibians, and nonvolant invertebrates, including wing-
less arthropods. We excluded mammals, birds, and reptiles from 
evaluation because of their mobility. Further, we also excluded most 
arthropods because of their winged life stages. As an initial entry to 
the literature, we manually searched (i.e., table of contents read) the 
complete contents of Forest Science (2014–2018), Canadian Journal 
of Forest Research (2012–2018), and Forest Ecology and Management 
(2012–2018) and read more closely when titles and abstracts seemed 
related. We also searched academic databases (Google Scholar 
and Web of Science) in early 2019 using relevant keywords (e.g., 

Figure 1. (a) For species that are lost from clearcuts, traditional 
methods implicitly assume that species will recolonize from sur-
rounding stands. (b) Lifeboat theory focuses on retained patches 
as sources. With patches, more area can be reached by dispersers. 
Green areas are forest, blank areas are clearcut, and gray areas 
are reachable by dispersal. Gray areas (dispersal distances) are 
implicitly taxa and species specific.
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retention forestry, retained structure, lifeboat, green-tree retention, 
variable retention, and others) and associated Boolean operators 
to locate publications that examined responses of taxa of interest 
to retained structures for recolonization of logged areas. We also 
searched the literature cited within the papers selected, especially 
reviews and summaries such as Fedrowitz et al. (2014), Baker et al. 
(2015), and Franklin et al. (2018). Overall, we evaluated more than 
6,000 papers (title, abstract, or full read). Our search uncovered 
hundreds of papers on the general topic, of which all those touching 
on recolonization are cited here.

We described what is known about taxa with limited dispersal 
abilities in the context of lifeboats. We limited our review pri-
marily to Canada and the temperate forests in the United States, 
where retention practices are more common, with some literature 
from Europe when data on a particular taxon (e.g., lichens and 
bryophytes) were lacking in North America.

Review of Existing Studies
We reviewed what is known about recolonization following 

clearcut logging. We organized the literature by selected taxa, as taxa 
often share similar mobility and site requirement characteristics. 
We were able to locate references (n = 99) for lichens/bryophytes 
(n = 23), mature forest vascular plants (n = 31), mycorrhizal fungi 
(n  =  14), amphibians (n  =  24), and less-mobile invertebrates 
(n = 7). We reviewed studies across the range of operational clearcut 
block sizes, which range from a few tens to several hundreds of 
hectares. Retained structures ranged from scattered individual trees 
to patches a few hectares in size in the reviewed studies.

Mature Forest Vascular Plants
Effects of retention harvesting on understory vegetation has 

been studied in many forest types worldwide (e.g., Battles et al. 
2001, Deal 2001, Macdonald and Fenniak 2007, Fedrowitz et al. 
2014). Diversity and abundance of understory plants are directly 
influenced by pre- and postharvest forest cover and composition 
(Macdonald and Fenniak 2007), where site characteristics like soil 
pH, soil nutrients, light, litter quality, and moisture ultimately 
contribute to understory community composition. Microclimate 
conditions in a clearcut can vary sharply from those in a closed 
canopy forest (Huggard and Vyse 2002), leading to a decline of 
late-successional understory plants and communities in harvested 
areas (Aubry et  al. 2009, Halpern et  al. 2012). These late-
successional species can become quickly outcompeted by an influx 
of early successional species that are better adapted to open-light 
conditions postharvest. Some understory plants typical of a mature 
forest do not seem to have good dispersal capabilities, especially if 
they mostly depend on vegetative reproduction and do not have 
a viable seed bank (Duffy and Meier 1992, Halpern et al. 1999). 
Nelson and Halpern (2005) found that even in retained patches, 
proximity to edges caused larger declines in herbaceous species 
abundance compared with woody species. Scattered remnant trees 
may not be beneficial because they do not provide sufficient shade 
(e.g., Traut and Muir 2000, Johnson et al. 2014) except at high 
retention levels (e.g., Aubry et al. 2009, Halpern et al. 2012).

Some species or groups, such as late-successional herbaceous 
plants, may take a prolonged period to recover. For harvested stands 
in Appalachian cove forests in the United States, Wyatt and Silman 

(2010) found that 100 to 150 years was insufficient for understory 
herbaceous community recovery following harvesting and nat-
ural regeneration. It has been shown that herbaceous vegetation in 
stands in the Appalachians does not appear to fully recover following 
clearcut harvest within the time until the next harvest would occur, 
such as 60 to 90  years (Duffy and Meier 1992). Vellend (2004) 
found that on reforested agricultural land in New York, United 
States, a species of trillium (Trillium spp.) had not fully recovered 
after 70 to 100 years. Similarly, former agricultural land can still be 
distinguished from never-tilled (but harvested) land even after many 
decades, with distinct species composition and lower species rich-
ness and diversity (Hedman et al. 2000, Ramovs and Roberts 2003). 
Whether this is due to altered microclimate and soil conditions 
(e.g., Burke et  al. 2016) or failure to recolonize remains unclear. 
Recovery rates and pathways on reforested agricultural land, how-
ever, may be longer and divergent from those on always-forested 
land (Dyer 2010). In contrast, 20 years was shown to be sufficient 
in a West Virginia forest for understory cover and species richness to 
match mature second growth (Gilliam 2002), though species-level 
comparisons were not performed.

For shade-requiring understory plants, not all retained structures 
have equal value. Isolated retained trees are unlikely to ameliorate 
site conditions sufficiently to maintain such species (Jalonen and 
Vanha-Majamaa 2001, Lachance et al. 2013, Johnson et al. 2014). 
Patches large enough to have an interior unaltered by edge effects 
may be necessary. However, if these species are unable to recolonize 
the cut area quickly enough (i.e., before the next harvest), then 
such species are not really benefiting from retention compared with 
the same area simply being set aside in a reserve. Field studies that 
can take advantage of historically harvested landscapes would help 
clarify this issue.

Dispersal ability seems to limit recolonization for many plants. 
A  study by Takahashi and Kamitani (2004) took advantage of a 
Japanese black pine (Pinus thunbergii) forest planted on sand dunes 
(i.e., no prior forest), where they compared species types versus dis-
tance to an existing forest and found that the greatest dispersal was 
exhibited by plants with ingested or adhering seeds. Those with 
wind or hoarding (i.e., animal cache) dispersal were found only 
close to natural forest. Ant-dispersed seed species were not found. 
Dzwonko (1993) found, for a 70-year-old forest on abandoned 
agricultural land near Kraków, Poland, that species with limited 
dispersal capabilities (herbaceous and woody) were still more prev-
alent closer to old forest edges, whereas good dispersers were more 
common farther away. Direct measurement of dispersal rates (recol-
onization with distance from mature forest) found in a temperate 
study site in Poland (Dzwonko 2001) that on drier sites, rates 
ranged from 0.0 to 0.38 m year–1, whereas, on more mesic sites, 
rates exceeded 1.5 m year–1. Additional studies of this nature may 
be needed to evaluate recovery possibilities for species of concern. 
For species that persist after timber harvesting in low numbers, de-
mography may be important, with some forest herbs having very 
slow population growth rates.

In some forested systems, understory plant diversity increases 
with frequent disturbances. In fire-prone systems such as southern 
US pine forests, plant diversity mirrors that of a recent clearcut, 
where an open pine canopy promotes grasses and other shade-
intolerant species (i.e., early seral species, Waldrop et  al. 1992, 
Brockway and Lewis 1997). Similarly, in forests where grazing 
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occurs concurrently, the understory may have a higher proportion 
of forbs and a lower proportion of woody species (Six et al. 2014). 
In these systems, the low number of species requiring closed canopy 
conditions suggests that lifeboating may not be necessary to main-
tain or restore preharvest conditions (e.g., Iglay et al. 2014, 2018).

In general, lower-intensity harvests have been shown to be more 
successful at conserving species that are shade tolerant (i.e., late 
seral species), whereas higher-intensity harvests favor more shade-
intolerant species. In the case of clearcuts, the potential for dis-
persal limitation does suggest a role for retention patches for plants, 
but most retention studies we found were focused on other taxa. 
Dispersal ability appears to be a key trait determining recoloniza-
tion, but slow population growth and requirements for moist mi-
crosite conditions may also limit recovery rates.

Lichens and Bryophytes
Lichens and bryophytes (e.g., mosses and liverworts) make 

up a substantial and important component of the biodiversity 
of northern forests, with lichens being a primary food for car-
ibou (Rangifer spp.). In some cases, they are specifically protected 
by endangered species legislation such as vole ears (Erioderma 
mollissimum) and boreal felt lichen (E. pedicellatum) in Canada.

Lichens and bryophytes generally exhibit declines in abundance/
presence in harvested clearings and retained structures following 
harvest, probably because of desiccation (Nelson and Halpern 2005, 
Rosenvald and Lõhmus 2008), especially for bryophytes (Caners et al. 
2013). Halpern et al. (2012) and Aubry et al. (2009) documented 
short-term forest-floor bryophyte abundance declines under all 
patterns and levels of retention tested in Oregon and Washington, 
United States. Lõhmus et  al. (2006) found that after two years, 
bryophyte diversity, cover, and vitality on scattered residual trees 
were significantly reduced compared with preharvest conditions, 
as also found by Perhans et al. (2009) in Sweden and Gustafsson 
et al. (2010) in Scandinavia. These early declines were also observed 
by Oldén et al. (2014), who concluded that recovery to what they 
considered a viable population level took approximately 20–30 years 
for some bryophyte species. Lõhmus and Lõhmus (2010) also found 
a short-term decline of lichens and bryophytes on retained trees in 
Estonia, with the largest source of mortality being tree windthrow. 
In contrast, Jairus et al. (2009) found epiphytic lichens in Estonia 
to be tolerant of canopy removal. Harper et al. (2015) reviewed the 
magnitude and distance of edge influence on bryophytes, lichens, 
and other vegetation postharvest in boreal forest and concluded 
that the effect is generally seen only in close proximity (<30 m) to a 
forest edge. In contrast, Bezzola and Coxon (2020) found that some 
lichens of coastal northwestern British Columbia are very sensitive 
to edge effects at distances of 80 m or more. Thus, small residual 
patches could exhibit detrimental edge effects.

Responses have been found to be species specific. Sillett et al. 
(2000) studied two lichens associated with old-growth forest in the 
Pacific Northwest using inoculation and transplant experiments in 
clearcut and young forests. They found that Lobaria oregana grew as 
well in the young forest as in an old forest, whereas L. pulmonaria 
did at least as well in clearcuts as in the young and old forests. 
Similar results were found in transplant experiments with L. oregana 
and Pseudocyphellaria rainierensis (Sillett and McCune 1998). They 
concluded that low dispersal ability (inferred, not demonstrated) 

and slow growth limit colonization of these species more than 
does microclimate, which means they would theoretically ben-
efit from colonization sources within harvested areas. In this case, 
more dispersed residual trees could be better than large, aggregated 
patches. Related work (Sillett 1994) showed that epiphytic lichen 
species differed in their response to patch edges, a consideration 
when projecting benefits of retained patches.

Some long-term natural experiments have been used to study 
the benefits of residual trees on lichen recovery. In a retrospective 
study, Peck and McCune (1997) located mature second-growth 
stands (55–120 years old) with and without remnant old-growth 
trees in them at both low- and midelevation sites in western 
Oregon, United States. This study mimicked a dispersed reten-
tion design. They found mixed results: biomass of alectorioid and 
cyanolichen litter were greater in low-elevation sites with remnant 
trees. However, green-algal foliose lichen litter was 80% greater in 
midelevation sites without remnant trees. Total lichen litter was not 
significantly different with versus without remnant trees at either 
elevation. Sillett and Goslin (1999) located a stand disturbed by 
past fires in western Oregon. Remnant trees were mostly 600-year-
old Douglas-fir (Pseudotsuga menziesii) at a very wide spacing but 
with some clusters, with a matrix of mostly 100-year-old second 
growth, also Douglas-fir. With this spatial arrangement, they had 
a near facsimile of individual tree/patch retention designs, but 
100 years old (i.e., not recently harvested). Two abundant lichens 
were found mostly within 15 m of the remnant trees, with most 
other species showing weak or no relationship to the old trees. In 
the similar coastal forests of British Columbia with some residual 
trees, Price et al. (2017) found that it took more than 200 years for 
the epiphyte community structure to be equivalent to old growth.

Tests of colonization from mature or old-growth forest edges 
have yielded contradictory results. In the midboreal zone of Sweden, 
Hylander (2009) found no colonization effect of proximity overall 
for bryophytes, though close proximity did benefit a few species, 
perhaps because of microclimate effects. Dettki et al. (2000) found 
that in the northern boreal region of Sweden, epiphytic lichens on 
Scots pine (Pinus sylvestris) colonized more with proximity to old-
growth stands than farther away. In contrast, Lättman et al. (2009), 
in a study of a rare lichen found on oaks (Quercus spp.) in Sweden, 
found that genetic uniformity across scattered oak stands suggested 
good gene flow, and thus dispersal, across distances of at least several 
kilometers between scattered oak stands. Boudreault et al. (2012) 
also found that distance did not affect epiphytic lichen recoloniza-
tion of black spruce (Picea mariana) forest in western Quebec ex-
cept for Bryoria spp., which disperses mainly via thallus fragments.

The net result of these cited studies is that a general benefit of 
proximity to either mature edges or residual trees cannot be assumed 
for lichens or bryophytes. Distance does not appear to be a limiting 
factor, in general, for recolonization, but slow growth and microsite 
requirements may be limiting factors. For example, Coxson and 
Marsh (2001) documented extended, predictable successional-type 
changes in lichen and bryophyte communities in a lodgepole pine 
(Pinus contorta) forest in northern interior British Columbia. There 
may be a benefit from retention for certain species or on certain 
sites. Caners et al. (2013), for example, speculated that bryophyte 
species with rare sporophyte production, larger spores, dioicous 
sexuality, or higher moisture requirements may have more restricted 
dispersal and thus benefit more from retention.
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Mycorrhizal Fungi
Mycorrhizal fungi are a critical biological component of forest 

ecosystems (Van der Heijden et  al. 1998). Many tree species ex-
perience improved nutrient and water uptake when mycorrhizal 
fungi are present, which has been shown to improve growth (e.g., 
Bingham and Simard 2012). Mycorrhizal community structure 
as an indicator of soil health does not clearly predict tree seedling 
growth (Ibáñez and McCarthy-Neumann 2016). However, when 
seedlings are in close proximity to conspecific adult trees, it has 
been shown to improve performance, health, and growth (Dickie 
et al. 2002).

The ability of mycorrhizal species to recolonize a site far from 
existing trees and persistence of spores postharvest still remain 
poorly known, though a role for small mammals in dispersal has 
been shown (Stephens and Rowe 2020). Many conifers (e.g., 
Douglas-fir, lodgepole pine) can repopulate large, burned areas 
rapidly, suggesting that mycorrhizal symbioses persist or become 
reestablished postdisturbance. However, studies have shown that 
mycorrhizal species are affected negatively by clearcutting (Aubry 
et al. 2009, Kranabetter et al. 2013). Varenius et al. (2016) found 
no benefit of shelterwood versus clearcut in recolonization of 
ectomycorrhizal species at age 50 in Scots pine in Sweden and also 
found that time was the dominant factor governing community re-
covery (Varenius et al. 2017). Multiple studies (e.g., Huggard and 
Vyse 2002, Cline et al. 2005, Luoma et al. 2006, Outerbridge and 
Trofymow 2009, Baker et al. 2015) have shown a sharp reduction 
in root colonization rates with distance from retained trees or edges. 
This could mean that retained patches or trees may not be effective 
except over short distances, with time being the dominant factor.

In contrast to the above, Philpott et  al. (2018) found that in 
coastal rainforests of British Columbia, recovering stand age was 
more important than treatment for fungi decomposing fine roots, 
with recovery occurring around 13 years postharvest. Likely, these 
response differences could be attributed to the contrast in site-
specific moisture regimes.

Overall, time is a critical factor for mycorrhizal community 
recovery, but whether because of dispersal limitation or site 
conditions is unknown. The particular benefits of different species 
to tree growth likewise need further study.

Amphibians
Amphibians make up a significant portion of vertebrate biomass 

in many ecosystems. Although a few species are strictly aquatic, 
many disperse away from water during their nonbreeding season. 
We do not address stream-dwelling species here. Many amphibians, 
particularly salamanders, are adversely affected by open canopy 
conditions, because of desiccation and higher temperatures that 
increase their respiration rates (Homyack et al. 2011). Anurans ap-
pear to be less affected by clearcuts than salamanders (e.g., Ross 
et al. 2000, Semlitsch et al. 2009, Todd et al. 2009) but still show 
negative responses.

Many studies have found that harvesting in either shelterwood, 
selection, or small-patch cuts, while maintaining ≥25% basal area 
or canopy cover, typically resulted in transient or small effects on 
salamanders (e.g., Ford et  al. 2000, Felix et  al. 2004, Homyack 
and Haas 2009, 2013, Vanderwel et al. 2009, Strojny and Hunter 
2010). Aubry et al. (2009) found that at two years postharvest in 
Oregon and Washington, pattern and level (15%, 40%, 75%) of 

retention did not affect the three most common salamanders in 
their study. Clearcut patches generally have greatly reduced sala-
mander population sizes immediately after harvest (e.g., Petranka 
et  al. 1993). Semlitsch et  al. (2008) showed that salamanders 
(and to a lesser extent anurans) actively moved out of clearcuts in 
Missouri, United States. Amphibians leaving natal ponds tended to 
avoid adjacent clearcuts (Todd et al. 2009).

Other studies have shown more complex species responses 
to harvesting treatments. Wolf et al. (2016) found no effect on 
herpetofauna diversity over 23 years postharvest in the Missouri 
Ozarks, United States, from three management treatments (even 
aged, uneven aged, and no harvest). Semlitsch et  al. (2009) 
found that clearcuts adjacent to ponds could sometimes en-
hance oviposition and larval performance in the aquatic stage, 
whereas juvenile and terrestrial adult stages were negatively af-
fected. In Maine, United States, Veysey et al. (2009) found that 
salamanders were able to enter and cross clearcuts. Welsh et al. 
(2008) compared population metrics for two salamanders in 
the Pacific Northwest of the United States in mature or old-
growth forests and forests of younger (31–99  years old) seral 
stages. Younger stands had unbalanced populations, with an 
excess of juveniles to adults. Total population and adult sur-
vival were both higher in the oldest forest. Ross et  al. (2000) 
found salamanders to respond positively to retained basal area 
in Pennsylvania.

For many species, one contribution of retained structures to fu-
ture biodiversity is conserving and creating coarse woody debris 
(CWD). Homyack and Kroll (2014) found that Oregon slender 
salamanders (Batrachoseps wrightii) in Oregon, United States, 
depended on CWD, but the other Ensatina salamander (Ensatina 
eschscholtzii) did not. For their sample of 10 upland species in 
Virginia and West Virginia hardwood forest, presence did not ap-
pear to be related to CWD.

The only study we could find that specifically addressed coloni-
zation across nonforest was Marsh et al. (2004). In this study, they 
used an abandoned golf course in Virginia that had no reestablished 
woody vegetation and created pseudoforest plots by adding leaf 
litter, covering with shade cloth, and watering. They found that 
red-backed salamanders (Plethodon cinereus) colonized the plots 
within a year.

We can summarize clearcut effects on salamanders as follows. 
Clearcuts generally reduce but do not eliminate amphibians via 
emigration, avoidance, and perhaps mortality. A clearcut may be 
less permeable to salamander movement, calling into question 
the ability of juveniles to reach isolated retained patches. Because 
of soil desiccation effects, scattered trees are unlikely to provide 
many benefits to such movement or to persistence. Because most 
amphibians need water to reproduce, retained upland patches 
cannot provide a full life cycle benefit. There is evidence that re-
covery of salamanders following clearcut harvest is prolonged, but 
we could not locate evidence concerning persistence of adults in 
retained patches nor direct evidence of benefits of such patches for 
recolonization of a clearcut area.

Less information is available on anurans. Ross et  al. (2000) 
found that anuran abundance was unrelated to retained basal 
area in Pennsylvania. Richter et al. (2001) found that two spe-
cies of gopher frogs (Lithobates spp.) in the southeastern US 
Coastal Plain used waterbody buffers but did not enter or cross 
clearcuts. Chan-McLeod (2003), in British Columbia, found 
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that clearcuts acted as barriers to red-legged frog (Rana aurora) 
for up to 12 years, but that permeability depended on weather. 
This species was able to locate and colonize 0.8- to 1.5-hectare 
patches, preferably in streams (Chan-McLeod and Moy 2007), 
where they can persist for at least a year (Chan-McLeod and 
Wheeldon 2004). Connectivity may be an issue in such cases 
(Hayes et  al. 2008). These few results suggest greater coloni-
zation ability than for salamanders, though spatial and tem-
poral variability in pond availability and other conditions make 
responses difficult to study. Reductions following timber harvest 
and recovery times have been poorly studied.

Less Mobile Invertebrates
Invertebrates are a significant biodiversity component of forests 

and constitute a primary food source for many vertebrates, such 
as salamanders. Many studies of responses to retention harvests 
have focused on arthropods, particularly beetles and spiders (e.g., 
Work et al. 2004, Aubry et al. 2009, Pinzon et al. 2016, Lee et al. 
2017). These taxa are readily sampled with pitfall cups. However, 
most insects have a winged life stage, and many spiders use bal-
looning to disperse. There are other invertebrate taxa, however, that 
do not fly, including a few arthropods, gastropods, annelids, mites 
(Arachnida subclass Acari), and chilopods (e.g., centipedes). We 
refer to these here as less-mobile invertebrates (LMI). If such taxa 
are affected by timber harvest, the question is whether they would 
recover or would need to recolonize. Soil compaction is known to 
reduce invertebrates in high traffic corridors of a harvest unit (e.g., 
Lindo and Visser 2004, Cambi et al. 2015). The lack of large logs 
in second-growth forest may also be limiting to LMIs. A few studies 
documented that LMIs are negatively affected by timber harvest 
(e.g., Bird and Chatarpaul 1986, Ovaska et al. 2016). Lindo and 
Visser (2004) noted that although mite abundance is reduced by 
timber harvest, diversity is little affected. We could find nothing on 
recolonization or recovery.

We conclude that effects of harvesting on LMIs and recovery are 
poorly studied, particularly in the context of retention practices. If 
timber harvest eliminates any of these species from a harvest unit, 
their poor dispersal may become limiting to recolonization. This is 
a topic that should be investigated further.

Synthesis
For assessing lifeboating recolonization benefits, it is neces-

sary to consider both survival in retained areas and whether those 

populations are able to recolonize the harvested area (Table  1). 
We found that edge effects and small patch size result in losses (or 
reductions) of some species, such as mature forest herbaceous spe-
cies, thereby reducing the value of retained structures as lifeboats. 
In addition, more explicit identification of species lost from both 
clearings and patches following harvest would be beneficial. Several 
studies found that higher levels of retention (e.g., shelterwood, 
30% retention) can reduce effects and enhance recovery, but such 
levels may not be suitable for some trees or may not be economi-
cally feasible.

In the case of lichens and bryophytes, many species persist 
in retained patches and on individual trees or exposed logs/soil, 
though at reduced abundance with more solar exposure (Table 1). 
However, studies generally failed to find colonization benefits on 
regenerating trees near residual trees, even after prolonged periods 
(i.e., >100 years), with some exceptions. Because reproductive suc-
cess of these taxa is dependent on the dispersal capacity of spores 
or asexual gemmae (some species having the capacity of dispersing 
propagules many kilometers), recolonization may ultimately de-
pend on suitable stand characteristics (i.e., tree composition and 
age) and microclimate conditions. There may be some exceptions 
for particular species or sites.

If the goal of retention practices is to help understory plants 
recolonize, it is important to first evaluate if the species are actu-
ally lost or are put at a disadvantage (i.e., unfavorable microcli-
mate and become outcompeted) following harvest (per shrubs in 
the case studies by Huggard and Vyse [2002]). For species that lack 
the resilience to withstand a postharvest environment, it is unlikely 
that scattered trees would ameliorate site conditions enough to help 
them persist. Residual patches would need to be designed large 
enough to meet species-specific microhabitat requirements that 
would ensure their persistence. Unless residual patches are large 
enough or frequent enough within the stand that the distance be-
tween them is within the dispersal capacity of the species in ques-
tion, recolonization of dispersal-limited species will likely be poor 
or absent. This could result in gradual elimination of low-dispersal 
plants in particular from managed landscapes (Matlack and Monde 
2004, Matlack 2005).

For mycorrhizal fungi, short-term colonization on tree seed-
ling roots tapers off rapidly within a few tens of meters from 
residual trees. For the purpose of enhancing tree regeneration, 
residual trees, therefore, cannot be far apart. A  shelterwood or 
high residual basal area treatment might achieve this goal, but 

Table 1. Factors affecting recolonization based on our review. Persistence in clearings refers to the recently cut portion of the harvest unit.

Mature Forest Vascular Plants Lichens and Bryophytes Mycorrhizal Fungi Amphibians Nonvolant 
Invertebrates

Persistence with retention
Scattered trees Small benefit Reduced Present on roots Unknown* Unknown
Patches Present but edge effects Present but edge effects Present Unknown Unknown

Persistence in clearings Absent to reduced Low Low Absent to reduced Unknown
Factors affecting 
recolonization

Seed dispersal type, time, dis-
persal distance, microclimate

Time, microclimate Time?† Distance? 
Other?

Microclimate, 
population 
response

Unknown

Evidence for recolonization Slow, distance dependent Slow, some species 
centuries

Unknown Slow Unknown

*“Unknown” indicates literature could not be located. 
†Question mark after a term indicates that evidence is not strong.
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widely separated retained trees or discrete patches would likely 
not. A better understanding of the recovery dynamics of this spe-
cies group would be necessary to provide more detail, especially 
for longer time frames than the studies we reviewed. The only 
study on community recovery that we located (Philpott et  al. 
2018) found good recovery in clearcut areas in wet west coast 
forests of the United States by 13  years postharvest, which is 
encouraging. It is not possible to say whether these results gen-
eralize to drier forest types.

For amphibians, it seems likely that dry soil conditions 
in open areas following harvesting generally have negative 
consequences, especially for salamanders. We did not find evi-
dence that isolated trees can ameliorate this moisture limitation 
sufficiently to provide a benefit for recolonization or population 
recovery. Although retained patches might provide such a ben-
efit, we did not find information on the size of patch or slope 
position of retention necessary to be useful to salamanders, nor 
whether amphibians in a retained patch provide a source for 
recolonization. Stand regrowth may be the limiting factor be-
cause of amphibian requirements for moist conditions. For am-
phibian species that live in decayed logs, loss of large logs over 
time in second-growth forest may be the limiting factor rather 
than dispersal distance, but this is probably species specific. Logs 
provided by live-tree retention over time might help these spe-
cies persist, but we could find no literature on this per se. In 
areas where harvesting raises the water table (e.g., boggy areas 
of Canada or the US Coastal Plain), moisture conditions for 
amphibians might actually improve, as noted for a case in British 
Columbia (Beese et al. 2019).

For LMIs, data gaps exist for effects of timber harvest (i.e., mor-
tality or loss from a site), persistence in retained structures, and dis-
persal and recolonization. These are likely to vary a great deal across 
these very different taxa.

In the studies we reviewed, the metric sometimes used for com-
parison was species richness. However, many early seral species will 
be found in recent clearcut units (Swanson et al. 2014), increasing 
richness, so that this is not a valid comparison to mature forest. It 
is helpful to keep in mind that these early seral species may include 
those on various special status (i.e., endangered) lists (Ribic et al. 
2009, Swanson et al. 2014). Some studies do track these separately 
(e.g., Fedrowitz et al. 2014).

Although it might superficially seem that very long-term studies 
are necessary to evaluate lifeboating benefits of retained structures, 
this is not entirely true. Persistence of snags (e.g., Kroll et al. 2012) 
and residual trees (e.g., Solarik et al. 2012) can be evaluated on a 
decadal timescale, as can persistence of populations of amphibians or 
arthropods (Pinzon et al. 2016, Lee et al. 2017). Several studies cited 
here made use of long-term natural experiments (e.g., disturbance-
created remnant trees or older forest edges) to help answer questions 
about recolonization of plants, lichens, and bryophytes. We suggest 
that additional studies of this type could help provide answers to the 
remaining questions about lifeboat benefits of retained structures.

In this review, we evaluated the potential of retention patches 
to serve as lifeboats for recolonization of harvested areas for 
dispersal-limited taxa only. There may be landscape-scale or long-
term benefits that accrue from increased structural complexity, 

but we did not address these benefits here. To design an op-
timal retention arrangement, specifying goals is critical because 
benefits of retention do not generalize across taxa (Baker et al. 
2015).

Conflicts may exist among the needs of different taxa. For ex-
ample, the very short dispersal distance of mycorrhizal fungi 
suggests that dispersed retention might be most beneficial (though 
perhaps still not adequate for some purposes), whereas dispersed 
retention may not provide enough shade to benefit shade-requiring 
plants. It has been suggested by Franklin et al. (2018) that leaving 
dispersed residuals surrounded by aggregated patches could provide 
a better means of protecting and preserving lifeboat function than 
patches alone, but this conclusion seems speculative. It is perhaps 
useful to modify retention designs to take into account actual recol-
onization responses of desired taxa.

Both spatial and time scales need to be considered when plan-
ning and evaluating retention practices. Although such practices 
do increase structural complexity, it is useful to ask which species 
specifically benefit and over what span of years. Colonization lags 
may make it difficult to detect responses with studies in the years 
immediately postharvest. The fact that some species may not per-
sist in retained structures or may not be able to colonize a cut area 
before the next harvest suggests that for certain species, typically 
obligate old-growth types, the land set aside as retention patches 
might be more effective as larger permanent reserves. In some 
landscapes (e.g., the US Pacific Northwest), such reserves already 
exist for some forest types. In most regions, buffers around water 
bodies required by regulations (e.g., Parrish et al. 2018), and in-
operable areas (e.g., cliff faces), also provide permanent protected 
areas for some species. In regions where fire regimes create open 
forest conditions (e.g., western US pine forests), the fire regime 
and lack of closed canopy lead to questions about whether true 
old-growth conditions (i.e., dark, moist, stable) ever exist and 
thus whether classic old-growth species are likely to be found 
there. In the boreal forests of central Canada, fires are typically 
very large and would seem to require that species are either tol-
erant of fire or have good dispersal abilities to persist.

These factors indicate that the need for and benefits of reten-
tion cannot be assumed but must instead be closely related to the 
ecology of a biome and the natural disturbance regime. A more ex-
plicit statement of conservation goals would be beneficial in each 
case. That is, the assumption that a more “natural” harvest that 
emulates a typical disturbance will automatically be beneficial may 
not be valid at the timescales (before the next harvest) involved or 
for the particular species of concern. For example, very large western 
and Canadian fires may take more than a century to fully recover, 
which is not a useful end point to emulate. In addition to efficacy, 
the increased operating costs (Phillips 2004) and reduced revenues 
(Mitchell and Beese 2002, Zobrist and Lippke 2007, Beese et al. 
2019) that are associated with increased retention mean that more 
targeted retention design(s) would be economically useful. This is 
particularly so where windthrow or other mortality affects retained 
tree persistence over the long term (Busby et al. 2006, Lavoie et al. 
2012, Solarik et al. 2012, Beese et al. 2019). We believe that the 
issue of recolonization needs to be more thoroughly examined, par-
ticularly for species of conservation concern.
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